Abstract & Key message Whilst livestock has maintained grasslands over centuries in south European mountains, current ungulate densities are insufficient to control tree and forest expansion effectively. The present results based on fir population dynamics and radial/height growth raise questions about the sustainable management of new forests that are former mountain grasslands. This empirical case study contributes to debate about methods for long-term management of grasslands in Mediterranean mountains. & Context Forest expansion following the cessation of grazing is a threat to biodiversity in mountain grasslands that are components of Mediterranean cultural landscapes. & Aims We hypothesised that ungulates could mitigate tree recruitment, thus conserving mountain grasslands. We tested the efficiency of grazing and browsing by domestic and wild ungulates (sheep, roe and red deer) at inhibiting silver fir (Abies alba Mill.) encroachment in a conservation area, one of the main browsed trees. & Methods The fir trees' age structure was analysed by dendrochronology, and the individual growth patterns and scars were recorded in their tree-ring series. & Results Fir density has increased since the 1960s, simultaneously with the increase in ungulate populations. The scar occurrences only appeared during the 1970s. Most scars were observed on seedlings and small saplings. The impacts of ungulates are observed on the radial and height growth of trees, mostly on trees < 100 cm, but it did not however result in controlling the recruitment of fir. & Conclusion The hypothesis that a moderate density of ungulates might inhibit tree encroachment is therefore rejected, even in the case of a highly palatable species such as silver fir. Ungulates, solely, would not be an appropriate policy for grassland conservation in Mediterranean mountains.
Introduction
The woody invasion of grasslands during the twentieth century is the most common and widespread ecological landscape transformation in European mountains (Archer et al. 2000) . This is particularly linked to the cessation of livestock grazing following abandonment of unproductive lands. This transformation and the abandonment of traditional agriculture have triggered natural reforestation in many European mountain areas (e.g. Walther 1986; Romero-Calcerrada and Perry 2004; Cocca et al. 2012) . Spontaneous forest expansion is viewed in different ways depending on the geographical, cultural and economic contexts (Sitzia et al. 2010) , either as an opportunity to increase wilderness (e.g. Vera 2000) or as a threat to the conservation of cultural landscapes (e.g. Höchtl et al. 2005) . As far as land management is concerned, contrasting conservation policies could be considered: passive management to rewild abandoned areas or active prevention of forest expansion in order to maintain cultural landscapes (Navarro and Pereira 2012) .
In Mediterranean areas, forest expansion following the cessation of livestock grazing could be a threat to biodiversity (Preiss et al. 1997; Falcucci et al. 2007; Kunstler et al. 2017) , notably in grasslands that are components of mountainous cultural landscapes. As highly diverse areas that provide habitats for species of conservation value, these mountain grasslands are currently protected under the European Union Habitats Directive, which underpins the BNatura 2000^con-servation network. These sites need appropriate management to maintain their favourable conservation status, and the challenge is to identify suitable processes for conserving them (Redecker et al. 2002) , for instance, grazing and mowing regimes which may hamper woody species' dynamics and thus preserve the existing habitat (Halada et al. 2011) .
For centuries, livestock has been essential in creating and diversifying Mediterranean mountain grasslands (Blondel and Aronson 1999) . This is why using herbivores for grassland conservation has long been promoted (WallisDeVries et al. 1998; Redecker et al. 2002; Bakker et al. 2006) . Herbivores, especially ungulates, can play a crucial role by controlling both the structure and species composition of Mediterranean (Fortuny et al. 2014 (Fortuny et al. , 2017 Osem et al. 2017) or temperate plant communities (Boulanger et al. 2015) and may exert a profound influence on ecosystem processes (Hobbs 1998; Estes et al. 2011) . Grazing, browsing and trampling can have detrimental effects on all stages of tree development, from germination and growth to seed production (Gill 1992; Rooney and Waller 2003; Vanderberghe et al. 2007 ). In both European and national conservation areas, low grazing pressure is thus regularly prescribed to control woody encroachments and to favour grasslands (Bakker et al. 2006) . In many conservation plans, the domestic ungulates theoretically substitute for wild large herbivores (auroch, bison, deer, etc.) that have disappeared or become rare, probably due to game hunting since prehistoric times (Vera 2000) . However, because this theory is hotly disputed (Bradshaw et al. 2003; Birks 2005; Mitchell 2005 ), the process needs to be assessed. Wild ungulates may also limit tree encroachment in areas where their populations have risen over recent decades (Maillard et al. 1999; Avecedo et al. 2005; Falcucci et al. 2007 ). Wild and domestic ungulates could thus be combined to mitigate woody encroachment and support the conservation of Mediterranean mountain grasslands.
We hypothesised that domestic and wild ungulates could mitigate tree regeneration and growth, thus limiting encroachment of trees and conserving grasslands in low-altitude mountains. To test the efficiency of grazing management by wild and domestic ungulates, we analysed the recruitment dynamics and growth of silver fir (Abies alba Mill.) in a Mediterranean mountain context where threatened grasslands are subject to a conservation programme. Fir was chosen as a test species because it is preferentially browsed by ungulates (Güthorl 1994; Motta 1996; Kupferschmid et al. 2013) , and it regenerates well in Mediterranean and Alpine mountains (Alberti et al. 2009 , Chauchard et al. 2010 Garbarino et al. 2014; Bebi et al. 2017) . Further, at this altitude, fir should, along with beech (Fagus sylvatica L.), be the locally codominant species according to the tree age structure found in old stands (Chauchard et al. 2013 ).
Materials and methods

Study area
The study area (1300-1416 m above sea level, 43°42′ N, 6°3 8′ E) is located in the Malay massif, in the foothills of the southern French Alps. The climate of the Malay massif is typical of Mediterranean mountain areas, i.e. warm and dry in summer and cold and snowy in winter, with mean (± sd) precipitation of 988 ± 262 mm year −1 (1907-2004, meteoro- logical station at Comps-sur-Artuby, 2.5 km away at 943 m a.s.l.). The mean annual temperature is 9.9 ± 0.7°C with mean monthly temperatures ranging from 2.4°C in January to 26.8°C in July. No precipitation trend was determined over the twentieth century, but the mean temperature has increased significantly by 1°C since 1985 (Chauchard et al. 2007 ).
The study site is a large summit plateau, unfenced and situated within the Mediterranean montane vegetation belt. The Malay massif has been part of the Natura 2000 network since 2010. This mountain summit includes several wide shrubby grassland and rocky habitats of conservation importance which have been colonised by trees, notably Scots pine (Pinus sylvestris L.). These upper grasslands constitute the habitat of the meadow viper (Vipera ursinii Bonaparte), a European protected species. Secondary succession, which began through tree encroachment during the late nineteenth century following abandonment of the land (Chauchard et al. 2007) , represents the main threat to the meadow viper. The conservation plan for the meadow viper included clear felling of pioneer Scots pine forest and of mixed conifer-beech forests plus grazing by sheep to mimic the former large population of wild ungulates. This area was grazed until the late nineteenth century when trees started to regenerate (Chauchard et al. 2013) . Since then, the forest has not been exploited. The summit plateau is now covered by a forest with an average pine density of around 317 individuals per hectare, representing 34.6 m 2 ha −1 (94.9% of the total basal area), whereas fir and beech cover the understory with a basal area of 1.7 and < 1 m 2 ha −1
, respectively (5.1% of the total basal area). Today, pine is almost absent from the understory and does not regenerate anymore (Chauchard et al. 2013 ).
Historical and current grazing pressure
Livestock levels fell drastically in the early twentieth century following land use abandonment and rural exodus (Chauchard et al. 2007 ). Grazing by sheep was very low in the area between the First World War and 1995 . From 1970 to 1995 , only a single herd of around 250-300 individuals grazed the study area each year, during two seasons: spring (April to June) and autumn (October to November). After 1995, the number of sheep (Ovis aries L.) increased, to about 600 in 2000, grazing all year round except for the snowy months from January to March (Fig. 1) (Storms et al. 2008; Redjadj et al. 2014 ). Both deer species had disappeared during the nineteenth century and were re-introduced about 25 km northwest of the study site, in 1946 site, in and 1954 site, in respectively. In 2005 densities are estimated at four to six individuals for roe deer and less than one individual for red deer per square kilometre in this massif. Although there is no accurate data on deer populations in the Malay massif, the wildlife administration has concluded that their densities were similar or higher, because since the establishment of the military training camp in 1970, deer abundances have been effectively promoted by the exclusion of rural practices such as gathering, forestry and trekking from this area and severe restriction of hunting. The ratio between harvested and available hunting quotas is a proxy for the status of the deer population. Between 1986 and 2005, the number of roe deer hunted has increased by 271% in the military camp that includes the Malay massif (source: Fédération Départementale des Chasseurs; Fig. 1 ). Between 1986 and 1996, hunting quotas generally increased due to the increasing density of roe deer, but decreased between 1997 and 1999 due to difficulties by hunters to attain the quotas (Fig. 1) . Since 2000, the number of roe deer hunted has matched the quotas, indicating a strong actual increase of roe deer population density.
Sampling design
Two rectangular plots or transects were selected within the pine forest: the elongated form of the study plots, running along the slope, aims to capture all the possible ecological ). The cumulative basal area of Abies alba was low in both transects (< 1 m 2 ha −1 for the first transect and 4.74 m 2 ha −1 for the second; Table 1 ).
Tr1 was sampled in 2003 and 2004, whereas Tr2 was sampled in 2005. All living and dead fir trees (height: h > 1.5 m), saplings (0.1 < h < 1.5 m) and seedlings (h < 0.1 m) were identified and labelled. One-year-old seedlings were not considered. Trunk diameters were measured at their base to assess the basal area. Most trees and saplings were sawed to collect a basal disc or an entire stem in order to assess their height growth, whilst the others were cored with an increment borer. In total, we examined 232 seedlings and 399 saplings and trees: 77 individuals were cored and 322 were sawed.
Age estimates and age structure
The age of fir seedlings was estimated by counting the terminal bud leaf scale remains. The age of fir saplings and trees was based on counting tree-rings. The wooden samples (cores, discs or entire stems) were first air-dried and then polished using progressively finer sandpaper. Tree-rings were counted under a dissecting microscope (Schweingruber 1988 ) and cross-dated using skeleton plot technique (Fritts 1976) . To assess fir age structure that would illustrate the net demography (regeneration minus mortality), we plotted trees' ages in 10-year classes.
Individual growth pattern
After air-drying, discs were cut at regular intervals (ca. 9-10 cm; Fig. 2 ) between each branch whorl along each entire stem (254 firs). The length of the stem between two consecutive discs was accurately measured to determine height growth (Gutsell and Johnson 2002) . Annual radial growth was measured from cross sections with a precision of 10 −3 mm along either three or two radii using a Frank Rinn Lintab® measuring device. Radial growth was measured in 36 randomly-selected individuals: 12 individuals recruited after 1980 (1 was unfortunately not efficient for tree-ring measurement) and 24 before 1980, including 12 individuals with an apex above 1.0 m. Annual average ring width was calculated and then transformed into basal increment area using TSAPWIN® software. Height growth (HG k − l ) and radial growth (RG k − l ) were calculated between two heights (Fig. 2) , k and l, according to the life stage of the tree: for seedlings whose height (h) was < 10 cm, k = 0 and l = 0.1 m; for small saplings whose height was between 10 and 50 cm, k = 0.1 and l = 0.5 m; for tall saplings stage whose height was below < 100 cm, k = 0.5 and l = 1.0 m; and for trees stage whose apex was > 100 cm, k = 1.0 and l = 1. Seedling and small sapling height and radial growths (HG 0-0.1 m and HG 0.1-0.5 m , RG 0-0.1 m and RG 0.1-0.5 m ) in different decades were compared to test the increasing effect of ungulate populations. Linear mixed effect models (hereafter BLME model^) were used on log-transformed data, the decade of regeneration being a fixed effect and transect a random effect. After LME models, type-II analysis-of-variance tables were calculated, and Wald chi-square tests were used to test fixed effects. To compare height and radial growth below and above 100 cm (HG 0.5-1.0 m and HG 1-1.5 m , RG 0.5-1.0 m and RG 1-1.5 m ), a LME model was used and data log transformed: below versus above 1.0 m, the sapling's life stage and their interaction were treated as fixed effects and the transect and sapling's individual as a random effect. All sampled saplings that overshoot the height of 1.0 m regenerated between the 1950s and the 1970s (Table 2) . No individual from the 1990s and 2000s attain this height chosen for the comparison of height and radial growth between 0.5-1.0 and 1.0-1.5 m. The analyses were performed using nlme, car and multcomp packages in R software.
Scars and wounded stems
Browsing and fraying can both leave marks, conspicuous or inconspicuous, on the stem (Kaennel and Schweingruber 1995) . These marks, referred to as scars (Fig. 3b) , can be used to assess ungulate impact on tree population or forest stands and can be dated by dendrochronology because radial growth stops at the lesion spot but continues around it (Vila et al. 2004) . Scarring events were searched in each stem disc and dated using tree-ring counts and cross-dating (Fig. 2) . The height and diameter of the stem at the position of the scar were measured. The temporal frequency of scarred trees in each age class
, was calculated as follows:
where Nsc [i − j[ is the number of trees with at least one scar in the age class [i − j[, and N j is the total number of tree in all age classes growing in year j (Fig. 2) . The frequency of scarred trees in the height class [k − l[, i.e. Fh [k − l[ was calculated as follows:
where Nsc [k − l[ is the number of trees with at least one scar in the height class [k − l[ and N l is the total number of tree number higher than height l. There was no maximum height for scar searching; however, scars above 2 m were not expected given the ungulate species in the area.
Results
Data are publicly available in Chauchard et al. (2018) .
Age structure of silver fir
Abies alba regeneration has been particularly active since the 1970s although the oldest fir was dated to 1909 (Fig. 3a) . Two regeneration maxima were apparent, the first during the 1970s and 1980s and the second during the 2000s. No correlation was found between the dates of fir regeneration and precipitation or temperature (based on total, spring and summer precipitation and annual mean, spring and summer temperature; Spearman test), indicating that climate was not a driver of the dynamics of fir regeneration.
Scar distributions
The oldest scar was dated to 1976 ( Fig. 3c) : this was the only scar recorded before 1980, comprising < 1% of total scar numbers. The frequency of scars first increased in the 1980s (Fig.  3c ) and then remained more or less constant until the end of the 1990s. Most of the affected trees displayed scars below a height of 70 cm (Fig. 3d ). Scars were only found on smalldiameter stems, i.e. 0.64 ± 0.54 cm.
Growth pattern
Height growth at seedling stage (HG 0-0.1 m ) was similar among the individuals recruited irrespective of the decade (Fig. 4a , LME model, F value (4; 248) = 1.85, p = 0.11). However, height growth at sapling stage (HG 0.1-0.5 m ) differed significantly between decades (LME model, F value (4; 177) = 4.65, p < 0.001). At sapling stage, height growth has generally decreased throughout the decades of regeneration from the 1950s to the 1990s (Fig. 4b) . Radial growth at seedling stage (RG 0-0.1 m ) differed significantly between the decades of regeneration ( Fig.  4c ; LME model, F-statistic (2; 31) = 6.71, p = 0.001): seedlings recruited in the 1950s and 1960s grew faster than those recruited between the 1970s and the 1990s. However, radial growth at sapling stage (HG 0.1-0.5 m ) was similar between the decades of regeneration (Fig.  4d , LME model, F-statistic (2; 31) = 1.06, p = 0.35).
For saplings > 1 m, height growth was significantly different (LME model, F-statistic (1; 42) = 19.31, p < 0.001) between the time when the apex was under 100 cm (HG 0.5-1 m ) and when it overshoot 1.0 m (HG 1-1.5 m ), with growth rates being higher when trees were above 1.0 m (HG 0 . 5 -1 m 9.1 ± 3.6 cm year − 1 ; HG 1 -1 . 5 m 15.0 ± 6.6 cm year −1 ; Fig. 5a ). Radial growth of individuals also varied according to the height of the apex, under or above 1.0 m (LME model, F-statistic (1; 10) = 7.01, p = 0.02), with higher radial growth rates when individuals had their apex above 1.0 m (RG 1-1.5 m 162.7 ± 96.3 mm 2 year −1 ) than w h e n i t w a s u n d e r 1 . 0 m ( H G 0 . 5 -1 m 9 5 . 7 ± 86.1 mm 2 year −1 ; Fig. 5b ). For saplings taller than 1.0 m, decade of regeneration (single or interaction effects) had no effect on values of height or radial growth.
Discussion
Our results show that, despite the presence of wild and domestic ungulates, the age structure of silver fir shows sustained population dynamics even when it is subject to high levels of browsing. Although seedling and sapling growth is reduced, tree recruitment is hindered but not prevented by browsing by wild or domestic ungulates. These results do not support the hypothesis that ungulates could prevent tree encroachment in such Mediterranean montane ecosystems, because encroachment by the most browsed species in the forest is not prevented. This hypothesis was tested in the context of a conservation management plan for natural grassland colonised by trees, i.e. areas which in Europe are often managed through low-intensity agricultural practices or extensive grazing (Ostermann, 1998) . We discuss the conservation and management of these areas further below.
Ungulate densities and change in scars and growth of firs
Wild and domestic ungulate densities have progressively increased in the Malay massif and the surrounding areas over the past 40 years, although domestic ungulate densities have remained below those of the nineteenth century (Chauchard et al. 2007 ). The local increase in wild ungulates (Fig. 1a) is consistent with the general pattern observed in most Mediterranean areas of Europe (Maillard et al. 1999) , partly due to the reintroduction of deer in relevant habitats, i.e. the young woody ecosystems which have resulted from land abandonment. This has been accompanied by a recent local increase in sheep herd densities, contributing to the overall increase in ungulate density. Following the increase in ungulate densities, scar dating has shown a clear increase in browsing and fraying of firs since the 1970s (Fig. 3c) . This result could be expected, considering the deer behaviour in relation to trees (e.g. Motta 1995 Motta , 1996 , the diet of red or roe deer (Storms et al. 2008; Redjadj et al. 2014 ) and the grazing effect and diet preference of sheep (e.g. McEvoy and McAdam 2008, Speed et al. 2011a) . Although there are no significant effect of ungulates on the height growth of seedlings (< 10 cm tall; Fig. 4a ), height growths of small saplings (HG 0.1-0.5 m ) decrease with each decade of recruitment, thus suggesting an increase in stress intensity, primarily since the 1970s (Fig. 4b) which coincides with the rise in incidences of scarring (Fig. 3c) . Interestingly, no change in the radial growth of small saplings (RG 0.1-0.5 m ) was observed from decades 1950-1960 to 1980-1990 (Fig. 4d) . This could be a compensatory effect of the decrease in their height growth. Indeed, removal of apical buds by browsing can favour radial growth (McNaughton 1983) . The lack of clear impact of ungulates on seedlings may be explained by the fact that the majority of affected seedlings have since disappeared and were therefore neither observed nor recorded.
The coincidence between the patterns of increasing deer and sheep density and decreasing apical growth of saplings suggests that changing ungulate density is the main cause of these progressive growth changes in young firs (Fig. 4b) . The rough cuts that we observed, characterised by a shredded edge, are typical of ungulate damage rather than rabbit or hare damage. The differences in height and radial growth above and below 1 m further support the assumption that roe deer and sheep are responsible for this impact, and not red deer. Indeed, the maximum height of twigs or apical shoots that ungulates can browse, i.e. the browsing limit, is around 1.80 m for red deer, 1.10 m for roe deer (Mayle 1999 ) and between 1 and 1.30 m for sheep (Brown 1985 , Speed et al. 2011a .
Although the observed decrease in height growth of saplings and radial growth of seedlings could result from forest maturation (e.g. competition for light, water or nutrients, changes in soil organic matter) or from a warming climate (+ 1°C since 1985, without precipitation changes during the twentieth century; Chauchard et al. 2007 ) which has increased evapotranspiration and plant stress in the Mediterranean, the rate of scars on saplings (Fig. 3) and the abundance of browsed twigs point strongly towards the effect of ungulates (Senn and Suter 2003) . We cannot rule out the possibility that climate may have interacted with ungulates to reduce height or radial growth (Speed et al. 2011b ), but our sampling was not designed to test this climate-related question. However, trees that have regenerated from decades 1950s to 1970s showed notably higher apical and radial growth after reaching 1 m between 1980 and 2003 (HG and RG 1.0-1.5 ; Fig. 5 ). These results indicate that herbivory by roe deer and sheep was the main driver, offsetting the longer-term impact of warming. When apex escaped to browsing height of ungulates, the growth was released significantly whatever the climate conditions.
Respective impacts of wild and domestic ungulates on individual firs
The impact of wild and domestic ungulates cannot be easily differentiated on the basis of scars or ungulate densities because data regarding wild ungulate populations are proxies derived from the hunting census. However, scar height distribution does tell us something (Motta 1995) . The fact that scars occur exclusively below 1 m (Fig. 3d ) and the small mean diameter of scarred stems exclude the possibility of extensive impacts by red deer suggests browsing by roe deer and sheep. Unfortunately, scar distributions do not make it possible to differentiate between roe deer and sheep, and their effects are cumulative (Brookshire et al. 2002) . However, the two species preferences for specific feeding habitats do lead to distinct spatial distributions as sheep prefer grass-rich habitats inside the forest, where grass is highly available, whilst roe deer prefer habitats with greater canopy cover (Mysterud et al. 1999) . We thus assume that most impact result from roe deer and that sheep had minor effect on silver fir.
Fir population dynamics and management implications
Since the 1960s, firs have regenerated well (Fig. 3a) in the understory of pines that began to recruit in what were previously pastures at the end of the nineteenth century. As in other southern European mountain areas (Doležal et al. 2004; Paluch 2005; Chauchard et al. 2010; Bebi et al. 2017) , expanding fir populations attest the very strong dynamics associated with, firstly, the abandonment of low-productivity areas which started at the end of the nineteenth century and intensified during the 1950s (e.g. Chauchard et al. 2007) , and secondly, changes in forestry practices: for instance, systematic removal of fir seedlings or selective cutting of fir saplings to preserve tree species that do no limit too much the grass growth and offer a shadow for domestic ungulates in summer (e.g. Scots pine in the montane belt, larch in subalpine) or that were not the target for wood production (Motta and Garbarino 2003; Doležal et al. 2004) . In this area, fir was a target species only in north-facing steep slopes to produce timber beams for roofing constructions (farms, house, castle), and beech in gentle slopes devoted for charcoal production (coppice system). Overall, the impact of ungulates on Mediterranean mountain trees, including fir, is just one part of the complex processes of forest management and conservation, in which species (plants, animals), altitude, seasonal effects, etc., also play a role (Ameztegui and Coll 2015) .
Although increased ungulate populations since 1980 have limited individual firs' height growth (Fig. 4b) , the overall density of ungulates (~0.1 LU ha −1 ) has not hindered the population fir dynamics (Fig. 3a) despite a fall in the pine population caused by lack of recruitment and regeneration (Chauchard et al. 2007 ). The J-shape distribution of fir (Fig.  3) , i.e. the grazed and browsed species, is conflicting with the lack of pine regeneration since the 1970 (Chauchard et al. 2007) , because, generally, fir consumption by ungulates favours the unpalatable species that is here Scots pine (e.g. Bernard et al. 2017) . The lack of pine recruitment is independent on fir dynamics, and fir dynamics is obviously not affected by the presence of herbivores despite their presence at least, their increasing abundances at most. Here, fir recruitment is extremely active whatever the level of grazing activity. Interestingly, similar densities of between 0.05 and 0.20 LU ha −1 have been shown to hinder tree growth without strictly controlling recruitment or demography (Cierjacks and Hensen 2004; Casasús et al. 2007) . Generally speaking, a lowdensity presence of herbivores in forests does not prevent tree encroachment and expansion as long as other disturbances (e.g. fire, windthrow, clear-cut) are not associated with it (Peringer et al. 2017; Boulanger et al. 2018; Jeffers et al. 2018) , whilst high-density of herbivores can be extremely efficient, including on unpalatable species like pines (e.g. Chauchard et al. 2006 ).
Management implications
The conservation of Mediterranean mountain grasslands is thus compromised if the presence of herbivores is not combined with significant human intervention or other natural disturbances which prevent tree recruitment. To inhibit tree regeneration and growth in the study area, we suggest that a significant increase in ungulate densities should be promoted up to the levels that prevailed in the nineteenth century, ideally alongside with other disturbances such as fires or clear-cut. An increase in ungulate density should prevent regeneration of preferentially browsed species such as Abies alba but would also benefit less browsed species such as Pinus sylvestris. Other management methods have been tested in similar areas: for instance, lowseverity fires which can realistically reduce encroachment by woody plants and promote palatable species and sustain food networks (e.g. Hancock et al. 2011) . Unfortunately, such prescribed burning has a strongly negative impact on meadow viper survival (Lyet et al. 2009 ), which is a key species to Table 2 protect. Hence, the method of clear-cut, if associated with a higher density of ungulate grazing, appears to be the main management strategy for such mountain grasslands in the context of ongoing forest expansion in Mediterranean areas. Here, since our sampling and first results, the clear-cut has been chosen in addition to sheep grazing as management plan to protect this mountain grassland.
Conclusion
Whilst livestock has maintained herb-dominant landscapes by grazing and browsing over centuries, current ungulate densities are insufficient to control tree expansion effectively. Our observations raise questions about the sustainable management of these former grasslands and of cultural landscapes more generally. By offering an empirical case study with moderate ungulate herbivory, our study contributes to ongoing debate about the most suitable approach to long-term management of grass-dominated habitats in Mediterranean mountains.
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